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Abstract 

Strontium-90 is a beta emitting radionuclide produced during nuclear fission, and 

is a problem contaminant at many nuclear facilities. Transport of 90Sr in groundwaters 

is primarily controlled by sorption reactions with aquifer sediments. The extent of 

sorption is controlled by the geochemistry of the groundwater and sediment 

mineralogy. Here, batch sorption experiments were used to examine the sorption 

behaviour of 90Sr in sediment-water systems representative of the UK Sellafield 

nuclear site based on groundwater and contaminant fluid compositions. In 

experiments with low ionic strength groundwaters (< 0.01 mol L-1), pH variation is the 

main control on sorption. The sorption edge for 90Sr was observed between pH 4 – 6 

with maximum sorption occurring (Kd ~ 103 L kg-1) at pH 6 - 8. At ionic strengths 

above 10 mmol L-1, and at pH values between 6 – 8, cation exchange processes 

reduced 90Sr uptake to the sediment. This exchange process explains the lower 90Sr 

sorption (Kd ~ 40 L kg-1) in the presence of artificial Magnox tank liquor (IS = 29 mmol 

L-1). Strontium K-edge EXAFS spectra collected from sediments incubated with Sr2+ 

in either HCO3-buffered groundwater or artificial Magnox tank liquor, revealed a 

coordination environment of ~ 9 O atoms at 2.58 - 2.61 Å after 10 days. This is 

equivalent to the Sr2+ hydration sphere for the aqueous ion and indicates that Sr 

occurs primarily in outer sphere sorption complexes. No change was observed in the 

Sr sorption environment with EXAFS analysis after 365 days incubation. Sequential 

extractions performed on sediments after 365 days also found that ~ 80 % of solid 

associated 90Sr was exchangeable with 1 M MgCl2 in all experiments. These results 

suggest that over long periods, 90Sr in contaminated sediments will remain primarily 

in weakly bound surface complexes. Therefore, if groundwater ionic strength 

increases (e.g. by saline intrusion related to sea level rise or by design during site 

remediation) then substantial remobilisation of 90Sr is to be expected.  

 

1 Introduction 

Strontium-90 is produced in high yield (6%) during nuclear fission and is an 

important component of radioactive wastes. It is a pure beta emitter (half life, 28.8 a) 
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as is its short lived 90Y daughter (half life, 64.2 h). If ingested 90Sr can substitute for 

Ca in human bone structure leading to irradiation of bone marrow and increased risk 

of diseases such as leukaemia (Pors Nielsen, 2004; O'Hara et al., 2009). Solid and 

liquid wastes containing high levels of fission products (e.g. 90Sr, 137Cs, 99Tc) have 

been produced during nuclear reprocessing for civilian and military fuels. These 

wastes are often stored in large water filled tanks at or near ground surface level. 

Once 90Sr is released into the subsurface it has the potential to be highly mobile, and 

will remain a major contaminant for around ten half-lives, (~ 300 a). Fluids leaking 

from storage tanks has led to significant levels of 90Sr contamination in sediments 

and groundwaters at a number of sites across the world, including Hanford, USA 

(Chorover et al., 2008; Thompson et al., 2010), Oak Ridge, USA (Saunders and 

Toran, 1995; Gu et al., 2005) and Mayak, Russia (Strand et al., 1999; Standring et 

al., 2002). Strontium-90 is also an important component of contaminant plumes 

originating in the separations area of the Sellafield nuclear site, UK (Gray et al., 

1995), and is found in groundwater samples taken from boreholes up to 500 m from 

source areas (Sellafield Ltd., 2008). The predominant source of 90Sr at Sellafield is 

from tanks containing corroded MAGNOX fuel cladding (99 % Mg(OH)2, pH 9 – 

11.5), often referred to as ‘Magnox sludge’ (Sellafield Ltd., 2009). There are also a 

number of other minor plumes originating from source terms with acidic (due to 

HNO3) or circumneutral pH (Thorpe et al., 2012). At circumneutral and alkaline pH, 

Sr2+ is often readily adsorbed to sediments, potentially retarding its subsurface 

migration (Livens and Baxter, 1988; Choi et al., 2006). As groundwater pH at 

Sellafield is most commonly reported to be between pH 6 and 8 (Sellafield Ltd., 

2008), 90Sr migration has been assumed to be controlled by sorption reactions 

(Sellafield Ltd., 2008), including adsorption onto clay minerals such as illite, chlorite, 

kaolinite or montmorillonite present in the sediments (Trivedi and Axe, 1999; Dyer et 

al., 2000). 

In general, Sr2+ adsorbs to a wide range of aluminosilicates, Fe oxides and other 

soil minerals via weakly bound outer-sphere surface complexes at the solid water 

interface (Patterson and Spoel, 1981; Torstenfelt et al., 1982; Higgo, 1987; Saunders 

and Toran, 1995; Parkman et al., 1998; O'Day et al., 2000; Sahai et al., 2000; 

Chorover et al., 2008). The degree of 90Sr adsorption depends on a number of 

factors, such as pH, ionic strength, composition of the solid phase and surface area 

(Higgo, 1987). Batch sorption studies have reported that Sr adsorption to minerals 

such as illite (Bilgin et al., 2001), montmorillonite (Lu and Mason, 2001), kaolinite 

(Bascetin and Atun, 2006) and hydrous ferric oxide (HFO) (Small et al., 1999) occurs 

rapidly (in 1-24 h) at pH values between 3 – 13. The affinity of Sr for swelling clays 

such as montmorillonite is reported to be greater than for non-swelling clays such as 

kaolinite (Bascetin and Atun, 2006). This was attributed to the expanding properties 

of montmorillonite which allow Sr2+ ions to penetrate between the silicate layers, 

whereas kaolinite can absorb Sr2+ to the outer surface only. Sorption of Sr2+ to clay 

minerals and Fe oxyhydroxides as a function of pH follows standard models for outer 

sphere cation adsorption to amphoteric mineral surfaces (Krauskopf and Bird, 1995). 
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At low pH (below the point of zero charge (PZC) for the mineral) low levels of 

adsorption occur, with higher levels of adsorption at higher pH above the PZC 

(Sposito, 1989). The pH of the Sr-sorption edge for a particular soil / sediment is, 

therefore, highly dependent on the PZC of the adsorbing minerals present. Due to 

the predominance of outer sphere bonding, the extent of Sr2+ sorption on natural 

materials is reduced by the presence of competing divalent cations with smaller ionic 

radius, such as aqueous Ca2+ and Mg2+ (Marinin and Brown, 2000). Adsorption of 

Sr2+ is reported to be less affected by the presence of monovalent cations such as 

Na+ and K+ (Hull and Schafer, 2008). This is relevant to nuclear legacy sites, where 

the ionic strength of contaminant plumes is often high (Zachara et al., 2004).  

At longer equilibration times (days to years), intra-particle diffusion, mineral 

dissolution / recrystallisation and particle ripening can lead to the incorporation of Sr2+ 

into newly formed mineral phases. (Chorover et al., 2008). For example, Sr2+ can 

readily substitute into Ca2+ sites during carbonate precipitation (Parkman et al., 1998) 

and can form insoluble strontianite (SrCO3) surface precipitates at high pH (Liu et al., 

1991; Sahai et al., 2000). Also, in experiments where Sr adsorbed to Fe oxides or 

sediments were aged in the presence of atmospheric CO2, a Sr-carbonate like 

coordination environment was observed in EXAFS spectra (Sahai et al., 2000; 

Chorover et al., 2008); consistent with the formation of Sr-bearing carbonate mineral 

phases.  

Here, results are presented from a series of batch sorption experiments designed 

to investigate the behaviour of 90Sr in sediments, representative of the UK Sellafield 

site. The specific objective of the study was to investigate the effect of several 

relevant groundwater compositions on Sr2+ sorption and mobility. The effect of 

variation in pH (from pH 2 - 10) and cation competition from monovalent (Na+) and 

divalent (Ca2+) cations on Sr sorption was also determined. A Langmuir isotherm for 

Sr-sorption, providing an estimate of the maximum binding capacity of Sr onto 

Sellafield representative sediments, has been determined in circumneutral pH and 

Magnox leachate affected sediment-water systems. To assess potential long-term 

changes in 90Sr sorption behaviour, selected experiments were performed over one 

year, and a combination of sequential extraction and X-ray absorption spectroscopy 

was used to determine solid phase Sr speciation.  

 

2 Materials and Methods 

2.1 Sediment collection 

Samples representative of the glacial / fluvial unconsolidated quaternary deposits 

that underlie the UK Sellafield nuclear site (McMillan et al., 2000; Law et al., 2010) 

were collected in August 2009 from the River Calder valley, Cumbria, UK (Lat 

54°26.3’N, Long 3°28.2’W ) (Fig. 1). Sediment was stored in HDPE plastic 

containers, dried at 40 °C and sieved to retain the less than 2 mm fraction prior to 

use.  
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2.2 Sediment characterisation  

Powder X-ray Diffraction (XRD) analysis was performed on the bulk sediment 

and a separated fine particle size fraction. The fine fraction separation was produced 

by preparing 500mL of a 50g L-1 sediment suspension with 0.375 g L-1 sodium 

silicate solution (Schramm and Scripture, 1925). The mixture was stirred for 1 h, left 

for 24 h, and stirred again for 1 h. After a further 7 days settling the top 200 mL of 

supernatant was removed. The suspension was dried for 24 h at 50°C to remove 

excess water. The dry sample was then washed 3 times in methanol (Whittig and 

Allardice, 1986) prior to final drying and analysis. Diffraction patterns were collected 

from the bulk sediment sample from 5 to 70° 2θ, step size of 0.01 and 0.5 sec/step, 

using a Philips PW1770 X-ray diffractometer with a Cu tube ( = 1.54056Å). The fine 

fraction sample was analysed for 23 h from 5-90° on a Bruker D8 Advance XRD with 

a Cu tube.  

Sediment was prepared for scanning electron microscopy (SEM) analysis as 

follows: Approximately 5 g sediment was vacuum embedded in epoxy resin and 

polished with grinding paste in water suspension. The polished resin block was 

carbon coated prior to analysis on a CamScan Series 4 SEM using backscattered 

electron imaging at 20 kV and a working distance of 31 mm. Energy dispersive X-ray 

microanalysis (EDX) was performed on selected ~ 10 μm spots using an Oxford 

Instruments INCA 250 system. Grainsize distribution was determined by sieving 10 g 

sediment 3 times using standard laboratory sieves. Sediment pH was determined 

from a 1g : 1mL suspension of sediment in deionised water using a pH electrode 

(ASTM, 2006). Exchangeable Sr in the sediment was determined by extraction (1 g 

per 10 mL) with a 1 mol L-1 MgCl2 solution, followed by determination of Sr 

concentration in the extract on a Perkin Elmer 5300DV ICP-OES. Sediment cation 

exchange capacity (CEC) was determined based on sorption of 0.01 M Cu(II) 

triethylenetetramine followed by spectrophotometric determination of the coloured 

solution at 577 nm on a Jenway 6715 UV/Visible spectrophotometer (Honty et al., 

2010).  

 

2.3 Batch sorption experiments  

Dried sediment was reacted with four different groundwater solutions in 100 mL 

HDPE Erlenmeyer flasks using a solid : solution ratio of 100 g L-1 (see Table 1). This 

ratio is lower than those typically found under field conditions (~ 1000 g L-1`; 

Limousin et al., 2007), and was chosen so that experimental Kd values could be 

easily determined from the activity of 90Sr measured in solution. All experiments were 

performed in triplicate in the dark at room temperature. To limit CO2 dissolution the 

artificial Magnox tank liquor (pH 11) was prepared in an anaerobic chamber (97 % N2 

: 3% H2; Coy Ltd, CA) and experiments were carried out in sealed flasks with Ar 

headspace maintained throughout sampling and analysis. Experiments at lower pH 

(< 8) were carried out with an air headspace with no control on CO2 ingress. At these 

pH values and solution compositions, oversaturation with respect to carbonate 

phases was not predicted using PHREEQC modelling. All sediments were left to 
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equilibrate with groundwaters for 24 h then spiked with 90Sr tracer (as SrCl2 in 0.01M 

HCl; CERCA-LEA, France) to a final specific activity of 30 Bq mL-1 (5.9 x 10-9 mol L-1). 

Using radioactive 90Sr tracer allowed experiments to be carried out at 

environmentally relevant concentrations, similar to those found in Sellafield 

contaminated land (Sellafield Ltd., 2008). After spiking, each flask was agitated on an 

orbital shaker at 125 rpm. Samples were withdrawn at 1, 4, 24 and 48 h after 90Sr 

addition. At each sampling point, 1.2 mL was removed from each flask and 

centrifuged at 16,000 g for 10 min, then 1 mL of the supernatant was removed to 

determine total 90Sr + 90Y activity by liquid scintillation counting (1 mL sample per 10 

mL EcoscintA, National Diagnostics USA; count time, 10 min; energy window, 30-

1020 keV) on a Parkard Tri-Carb 2100TR Liquid Scintillation Analyzer. Samples were 

decay stored for a minimum of 35 days prior to counting to allow for secular 

equilibrium with 90Y to be attained, and for any unsupported aqueous 90Y present to 

decay below detection limits. Experimental pH was also determined on an Orion 

bench top meter using electrodes calibrated at 4, 7 and 10 before and after sediment 

addition and at the 48 h time point. In all tests the % 90Sr sorption was calculated 

from activities of 90Sr in solution as follows:  

100%90 
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Where Ai = initial added activity (Bq mL-1), Ae = activity after sorption (Bq mL-1). 

Further, the apparent distribution coefficient between solid and aqueous phase 
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Where V is the solution volume (mL) and W is the weight of sediment (g).  

The effect of pH variation was determined in additional sorption tests performed 

in triplicate, with solid solution ratio of 100 g L-1, and using the artificial unbuffered 

groundwater solution (Table 1, Solution B) as the background electrolyte. A pH 

titration over a pH range of 2 - 10 was achieved in replicate experiments by addition 

of progressively more concentrated HCl or NaOH solutions. Similarly the effect of 

Ca2+ and Na+ competition was investigated in the HCO3-buffered groundwater 

solution (pH 7.2) by addition progressively more concentrated CaCl2 and NaCl 

solutions (0.1 x 10-4 - 0.1 mol L-1). The solutions and sediments were mixed for 24 h 

prior to spiking with 90Sr tracer, after which they were agitated for 48 h at 125 rpm, 

before pH and 90Sr activity was determined as above.  

Sorption isotherm experiments were carried out for HCO3-buffered groundwater 

(pH 7.2), and simulated Magnox tank liquor (pH 11). Experiments were carried out in 

40 mL Oak Ridge tubes at a solid : solution ratio of 40 g L-1, using SrCl2 as a source 

of Sr2+ ions in incremental concentrations from 5 x 10-5 mol L-1 to 1 x 10-1 mol L-1. 

Experiments for each concentration were carried out in triplicate. Again, the solutions 

and sediments were mixed for 24 h prior to pH measurement and spiking with 90Sr 
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tracer to a final specific activity of 30 Bq mL-1. All tubes were agitated horizontally on 

an orbital shaker at 75 rpm for 48 h. After 48 h, final solution pH was measured 

before the tubes were centrifuged at 6000 g for 10 min and the supernatant analysed 

for 90Sr activity as above. 

Experimental data were fitted to the Langmuir sorption equation shown below 

using computer software (LMMpro version 1.06, Alfisol Ltd.) to calculate Smax, (the 

maximum sorption capacity) Kads (the apparent Langmuir adsorption constant) and R2 

(goodness of fit in vertical non-linear least squares regression). 
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2.4 Sorption modelling 

Data obtained from batch experiments examining the effect of Ca2+ and Na+ 

competition on Sr2+ ion exchange were interpreted with the aid of the PHREEQC 

geochemical speciation program (Parkhurst and Appelo, 1999). Speciation 

calculations were performed with the wateq4f.dat thermodynamic database 

distributed with PHREEQC, which includes generic ion exchange constants for Ca2+, 

Na+, K+, Mg2+ and Sr2+ (Appelo and Postma, 2005) that were empirically altered to 

improve model fits to experimental data. Modelling calculations simulated the 

addition of CaCl2 and NaCl2 to the carbonated buffered groundwater in contact with 

an ion exchange concentration of 8.2 x10-3 moles/L of solution equivalent to the 

measured CEC. The exchange constants were varied and the exchanger 

concentration increased to 3 x10-2 moles/L of solution to aid the interpretation by 

assessing how well the Sr2+ sorption could be explained by the ion exchange model. 

The effect of surface complexation of Sr2+ on Fe oxides (Dzombak and Morel, 1990) 

was also considered using the Fe-oxide concentration determined by (Law et al., 

2010), but was found to make a negligible contribution to overall sorption in the 

HCO3-buffered groundwater solution at pH 7.2.  

 

2.5 Long-term Sr sorption experiments 

Long-term sorption experiments were carried out for the HCO3-buffered 

groundwater and Magnox liquor compositions. Dried sediment was weighed into Oak 

Ridge tubes and mixed with the buffered groundwater / Magnox solutions containing 

20 mg/L Sr2+ at a solid : solution ratio of 20 g L-1, in an anaerobic chamber. A lower 

solid : solution ratio and elevated Sr2+ concentration was used in these experiments 

so that the final solid phase Sr concentration was ~ 500 - 1000 mg Kg-1. This was the 

lowest concentration where useful Sr K-edge EXAFS data could be acquired. All 

tubes were stored inside airtight jars containing Carbosorb™, in the dark, for up to a 

year. Triplicate tubes were sacrificially sampled at 10, 30, 90 and 365 days. In 

addition, a replicate set of three tubes for each time point were spiked with 30 Bq 

mL-1 90Sr tracer under Ar, for sequential extractions. At each sampling point, non-

active tubes were centrifuged at 6000 g for 10 min, the supernatant removed and the 
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moist sediment stored at -80°C prior to X-ray absorption spectroscopy (XAS) 

analysis.  

Sequential extractions were carried out on tubes containing 90Sr at each time 

point following an adapted Tessier/BCR method (Tessier et al., 1979; Burke et al., 

2010). The tubes were spun at 6000 g for 10 min, and the porewater removed and 

filtered (0.2 µm). The sediment was then progressively leached with 1 mol L-1 MgCl2 

(pH 7, 2 h, Exchangeable fraction), 1 mol L-1 sodium acetate (pH 5, 5 h, Carbonate 

fraction) and finally 0.5 mol L-1 hydroxylammonium chloride at (pH 1.5, 12 h, 

Reducible fraction). Between each stage the tubes were centrifuged and the 

supernatant removed and filtered as before. A 1 mL sample of each extraction 

leachate was analysed for 90Sr content by LSC as described above. 

 

2.6 X-ray absorption spectroscopy 

Strontium K-edge (14,165 eV) spectra were collected in January 2011 at the 

Dutch-Belgian beamline BM26A at the European Synchrotron Radiation Facility 

(ESRF) operating at 6 GeV with a typical current of 190 mA, using a N2 cooled 

Si(111) double crystal monochromator and focussing optics. A pair of collimating 

mirrors was used to reduce the harmonic content of the beam and the beam size was 

approximately 0.1 x 3 mm at the sample (see Nikitenko et al., 2008, for further details 

of station step-up and protocols). Spectra were collected from sediment samples 

aged in both groundwater and Magnox liquor based solutions at sample points of 10 

or 365 days. For analysis, approximately 300 mg moist sediment samples were 

prepared for XAS analysis under an Ar atmosphere by packing in Al or Teflon holders 

with Kapton™ tape windows. All sediment samples were transported to the ESRF at 

−78 °C using dry ice. All data were collected in fluorescence mode using a 9 element 

solid state Ge detector. Sediment sample data were collected at 80 ⁰K using an 

Oxford Instruments CCC 1204 liquid N2 cooled cryostat. Results were compared to 

data collected from an aqueous Sr2+ standard (3000 mg L-1 as SrCl2) collected at 

room temperature, also held in a Teflon holder using Kapton™ tape windows. 

Multiple scans were averaged to improve the signal to noise ratio using Athena 

version 0.8.061 (Ravel and Newville, 2005) and data were background subtracted for 

EXAFS analysis using PySpline v1.1 (Tenderholt et al., 2007). 

EXAFS data were analysed in DLexcurv v1.0 (Tomic et al., 2005) using full 

curved wave theory (Gurman et al., 1984). Phaseshifts were derived from ab initio 

calculations using Hedin-Lundqvist potentials and von-Barth ground states (Binsted, 

1998). Fourier transforms of the EXAFS spectra were used to obtain an approximate 

radial distribution function around the central Sr atom (the absorber atom); the peaks 

of the Fourier transform can be related to “shells” of surrounding backscattering ions 

characterised by atom type, number of atoms, absorber-scatterer distance, and the 

Debye-Waller factor (± 25%), 2σ2. Atomic distances calculated by DLexcurv have an 

error of approximately ± 0.02 Å in the first shell. The data were fitted for each sample 

by defining a theoretical model and comparing the calculated EXAFS spectrum with 

experimental data. Shells of backscatterers were added around the Sr and by 
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refining an energy correction Ef (the Fermi Energy; which for final fits typically varied 

between -3.8 and -2.6), the absorber-scatterer distance, and the Debye-Waller factor 

for each shell, a least squares residual (the R factor; Binsted et al., 1993) was 

minimised. The amplitude factor (or AFAC in DLexcurv V1.0) was retained as the 

default of 1 throughout. Shells or groups of shells were only included if the overall fit 

(R-factor) was reduced overall by >5%. For shells of backscatterers around the 

central Sr, the number of atoms in the shell was chosen as an integer to give the best 

fit and then further refined. 

 

3 Results  

3.1 Sediment characterisation  

Sediment from the same location has been described previously (Law et al., 

2010). Briefly, XRD analysis showed that it was composed of quartz, muscovite, 

chlorite, albite and microcline. In addition, the extracted fine particle fraction was 

dominated by chlorite, but also contained minor amounts of illite, hematite, goethite 

and microcline. This suggests that clay phases are present within the sediment, but 

are undetectable in the bulk sample probably due to the low proportion present 

(<1%) and the low crystallinity of these phases. Air dried soil was reddish-brown in 

colour and was assigned a Munsell colour notation of 2.5YR 4/8. The sediment can 

be described as an angular, poorly sorted sandy loam, (approximate particle 

composition of 53% sand, 42% silt, 5% clay), consistent with glacial weathering and 

deposition. Sediment pH was ~ 5.4. The major elemental composition was Si (35.0 

%), Al (5.81 %), Fe (3.09 %) and K (2.68 %). Natural Sr was present as a minor 

element at 58 ppm. Exchangeable Sr was not detected in MgCl2 extractions; 

therefore, all of the natural Sr in the sediment must be ascribed to mineral matrices. 

The concentration of weak acid extractable Fe(III) in the sediment was 8.2 ± 0.9 µmol 

g-1 and the organic matter content was 0.56 ± 0.08 wt% (Law et al., 2010). The cation 

exchange capacity was determined as 8.2 ± 5.1 meq 100 g-1 and the BET surface 

area was 3.4 ± 0.6 m2 g-1. Backscatter electron imaging photomicrographs of resin 

embedded Sellafield sediment showed the sediment was composed of mostly 

angular grains 50-600 µm in size (Fig. 2). Energy dispersive X-ray analysis from 

spots (~10 m) within the larger grains was consistent with the composition of quartz 

(Si and O only) or feldspar (Si, Al, O, and K / Na) (data not shown) consistent with a 

rock fragment derived sediment. The larger grains were commonly found to be 

coated with a 10-50 µm rinds of fine grained material (Fig. 2b) which contained Si, Al, 

K and Fe (Fig. 2c, d). This is consistent with the presence of a mixed assemblage of 

aluminosilicate clays and Fe oxide minerals. 

 

3.2 Synthetic groundwater and pH 2 - 12 adsorption behaviour  

Strontium-90 uptake to the sediment was rapid in all experimental groundwaters 

with the majority of 90Sr sorption occurring within 4 h. After this time there was only a 

small increase in 90Sr sorption measured at 24 h and 48 h in all systems (Fig. 3). The 

range of pH, % 90Sr sorption and Kd determined after 48 h for each synthetic GW 
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system are shown in Table 2. There was a small change of less than 0.5 pH units 

between the initial solution pH and the pH determined after 48 h in contact with 

sediments in groundwater systems. However the artificial Magnox tank liquor system 

showed a significant pH reduction from pH 11 to around pH 7.8 at 48 h, indicating 

that rapid buffering by the sediment had occurred. Sorption of 90Sr in the low ionic 

strength (~ 8 mmol L-1) groundwater systems varied widely. At pH 3.5 in the HNO3-

affected groundwater only 29 % 90Sr was sorbed after 48 h. In the unbuffered (pH 

5.5) and HCO3-buffered (pH 7.2) groundwater the degree of 90Sr sorption increased 

significantly, to 61.8 % and 98.9 %, respectively, with the highest Kd (899 ± 29 L kg-1) 

observed in the buffered groundwater. Sorption of 90Sr in the pH 11 artificial Magnox 

tank liquor (ionic strength 29.2 mmol L-1) was lower (~ 79 %) than the buffered 

groundwater system at 48 h. 

The pH dependence of 90Sr sorption to the sediment in the unbuffered 

groundwater solution (Table 1, Solution B) is given in Figure 4a. At low pH, a low 

level of sorption (< 10 %) is observed, before a rapid increase in sorption between 

pH 4 - 6 (i.e. the sorption edge). Between pH 6 - 8, the pH commonly found within the 

Sellafield sub-surface (Sellafield Ltd., 2008), there is almost complete (> 99%) 

sorption of 90Sr to the sediments. Above pH 8, the amount of Sr2+ sorbed decreased 

to 92.6 ± 1.3% at pH 10. When the 90Sr sorption behaviour for synthetic 

groundwaters and Magnox liquor (see Table 2) is plotted on Figure 4 it is possible to 

compare these data. In the groundwater systems the percentage of 90Sr sorbed 

correlates within error to the pH sorption edge data. However, the simulated Magnox 

liquor shows less sorption than would be expected for a groundwater based system 

at the same pH indicating that another effect influences Sr sorption behaviour in this 

system. 

 

3.3 Cation competition effects with Ca2+ and Na+  

Figure 5 shows the effect of increasing concentrations of Na and Ca 

concentration in the HCO3-buffered groundwater system on 90Sr sorption. Data for 
90Sr sorption at 48 h in HCO3-buffered groundwater and artificial Magnox liquor 

solutions have also been plotted as a function of their total ionic strength. Generally, 

the percentage of 90Sr sorbed decreased with increasing ionic strength, however this 

effect is most pronounced in solutions with total ionic strength greater than 5 mmol L-

1. In experiments with the highest ionic strength (0.1 mol L-1), 90Sr sorption is 41.4 ± 

1.9 % in the Na+ solution and 21.3 ± 2.7 % in the Ca2+ solution. The high level of 

sorption (> 98 %) observed in the HCO3-buffered groundwater system (IS = 8 mmol 

L-1), is consistent with the high sorption (> 99 %) observed in low ionic strength (IS = 

4-10 mmol L-1) Na and Ca solutions. Magnox liquor has a higher ionic strength (29.2 

mmol L-1) dominated by Na+. The % sorption is consistent with 90Sr sorption in 

equivalent ionic strength Na+ solution, indicating that ionic strength influences the 

extent of Sr sorption in this system. This ionic strength effect can also be seen in 

Langmuir isotherm fits for Sr sorption in HCO3-buffered groundwater and Magnox 

tank liquor (Fig. 6). The calculated Smax for Sr2+ in the buffered groundwater (IS = 8 
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mmol L-1) was 32  6 µmol g-1 (R2 = 0.82). Due to its 2+ charge, maximum Sr 

adsorption in this solution may, therefore, utilise 64  12 µeq g-1 (or ~ 80  15 %) of 

the total measured sediment CEC of 82 ± 52 µeq g-1. When the isotherm 

experiments were repeated using the Magnox liquor solution (IS = 29.2 mmol L-1), 

the calculated Smax for Sr2+ adsorption was just 2.2  0.4 µmol g-1 (R2 = 0.89). In the 

higher ionic strength solution, therefore, only ~ 5  1 % of the total CEC is available 

for Sr2+ adsorption.  

 

3.4 Long-term sorption experiments and X-ray absorption spectroscopy 

Data from sequential extractions (Fig. 7) indicates that in the buffered 

groundwater total 90Sr sorption increased from around 60 % at 10 days to around 80 

% at 365 days. Total 90Sr sorption in the Magnox systems, however, was between 60 

- 70 % at all time points. In both systems the majority (70 – 85 %) of the solid 

associated 90Sr was MgCl2 exchangeable, even after 365 days. Only a small fraction 

(5-10 %) of 90Sr was found to be present in the weak acid extractable phase in both 

systems, and even less (1 – 3 %) in the hydroxylammonium chloride reducible 

phase. The amount of 90Sr that is residual (not extracted) was 7 ± 1 % after 365 days 

in the buffered groundwater, and 4 ± 1 % in the Magnox liquor experiments 

respectively. EXAFS spectra (Fig. 8) collected from all samples at 10 and 365 days 

could be fitted with a single shell of 8.5 - 9.3 O backscatters at 2.58 - 2.61 Å (as 

could the Sr2+ solution data). Additional shells of backscatters at distances beyond 3 

Å were not justified as there were no additional peaks present in Fourier transforms 

and no significant improvement in R could be achieved. There was also no change in 

EXAFS spectra between samples taken at 10 and 365 days.  

 

4 Discussion 

4.1 pH 2 – 10 adsorption behaviour  

The HNO3-affected groundwater, unbuffered groundwater and buffered 

groundwater systems had pHs of ~ 3.5, ~ 5.5 and ~ 7.2, respectively. In this range of 

low ionic strength systems (< 10 mmol L-1), variation in pH was the main influence on 
90Sr sorption behaviour. Very little 90Sr is expected to be sorbed below pH 4 due to 

the protonation of specific sorption sites on mineral surfaces which would prevent the 

electrostatic (outer-sphere) adsorption of Sr (Krauskopf and Bird, 1995; Kulczycki et 

al., 2002); however in the experiments ~ 30 % 90Sr sorbed to the sediment at pH 4 

and ~ 10 % sorbed at pH 2. The permanent structural negative charges present in 

clay minerals may account for this sorption observed at low pH (Coppin et al., 2002) 

and has been observed in previous experiments where Sr was adsorbed to pure clay 

minerals at low pH (Parkman et al., 1998; Chen and Hayes, 1999). In addition, it has 

been shown that in low pH conditions organic matter can act as a sorbing phase for 

metal ions in solution (Small et al., 1999; Langley et al., 2009) and thus may also 

contribute to the 90Sr sorption observed at very low pH in these experiments. The 

sorption edge for Sr onto the sediment was observed in the pH 4 - 6 range, 

consistent with the PZC for chlorite, the dominant clay mineral present within the 
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sediments (PZCChlorite = 4.7, Alvarez-Silva et al., 2010). Illite is present as a minor 

clay fraction in the sediments and has a lower PZC than chlorite (PZCIllite = 2.5, 

Hussain et al., 1996; Zhuang and Yu, 2002), which may also explain why some 

sorption of 90Sr was seen at low pH. 

Between pH 6 - 8 is a zone of very high sorption, where the maximum Kd of ~ 103 

L kg-1 occurs at around pH 7. This is the pH range most commonly found in 

groundwaters at the UK Sellafield site (Sellafield Ltd., 2008). The high adsorption 

observed in this pH region is consistent with the sorption maximum observed for Sr 

(and other M2+ ions) on clay materials (Syed Hakimi Sakuma Syed, 1995; Lu and 

Mason, 2001; Solecki, 2006). At alkaline pH, although 90Sr sorption remains 

generally high there is a drop in sorption at around pH 10 with an order of magnitude 

decrease in Kd to ~ 102 L kg-1. This is attributed to the addition of NaOH to fix the pH, 

increasing the total ionic strength present (~ 20 mmol L-1) to a level sufficient for 

cation exchange to occur, therefore, inhibiting 90Sr sorption.  

 

4.2 Effect of ionic strength 

Cation competition effects are not observed to be important in low ionic strength 

systems, such as the HCO3-buffered groundwater (IS = 8 mmol L-1) and solutions 

containing low concentrations (up to 5 mmol L-1) of Ca2+ and / or Na+. At higher ionic 

strengths, particularly those relevant to contaminated liquors found at nuclear sites, 

competing ions cause a reduction in 90Sr sorption (Zachara et al., 2004; Hull and 

Schafer, 2008). In the Magnox tank liquor system (IS = 29 mmol L-1), 90Sr sorption 

was less than low ionic strength solutions at the same pH (Fig. 4), and calculated Kd 

values are reduced by nearly two orders of magnitude from ~ 103 to ~ 101 L kg-1. 

Thus, it is apparent that increasing ionic strength from 8 to 29 mmol L-1 and beyond 

has a major impact on Sr sorption. Further evidence for this is shown in the isotherm 

data for both the buffered and the Magnox systems. There is a large difference in the 

observed Smax (32  6 µmol g-1 for buffered groundwater versus 2.2  0.4 µmol g-1 for 

Magnox liquor). The Smax for the buffered system implies that the sediment CEC is 

only around 20 % saturated by the background electrolyte in this system, and 

therefore a large exchange capacity remains available for Sr2+ adsorption. In 

experiments using the Magnox tank liquor, however, the Smax is markedly lower, 

implying that around 95 % of the CEC is saturated by the background electrolyte 

prior to Sr addition.  

Figure 5 shows a PHREEQC ion exchange model fit to the experimental 90Sr 

sorption data as a function of increasing ionic strength (CaCl2 and NaCl addition 

experiments). The model fits shown were produced after varying the exchange site 

concentration (CEC) and the generic exchange constants (Appelo and Postma, 

2005), to best fit the experimental data, as shown below: 

CEC = 3 x 10-2 mol L-1 

Ca+2 + 2X- ↔ CaX2 log_k = 1.0 

Na+ + X- ↔ NaX log_k = 1.0 

Sr+2 + 2X- ↔ SrX2 log_k = 1.1 
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The ion exchange model closely follows the experimental data suggesting that 

around 90 – 95 % of the observed 90Sr sorption is accounted for by ion exchange 

processes. However, despite varying the exchange constants and increasing the 

CEC to around 4 times the measured value, the model cannot fully explain the 

measured 90Sr sorption, or the very high Kd values observed at low ionic strengths. 

This implies that an additional sorption site that is highly adsorbing with respect to Sr 

is present in the sediments. This enhanced sorption behaviour was not observed in 

similar previous studies that used sediments with generally much lower organic 

matter content (< 0.1 % versus 0.56 %) (Small et al., 2000; Randall, 2008). It is, 

therefore, tentatively suggested that the higher total adsorption observed in this study 

is due to enhanced Sr2+ sorption to organic matter that is not captured within the 

cation exchange model. 

 

4.3 Sr-sorption in long-term experiments 

Strontium sorption in long-term experiments for both HCO3-buffered groundwater 

and Magnox liquor was lower than that observed in the pH titration or ionic strength 

experiments (around 50 % and 65 % respectively after 10 days incubation), however, 

this is attributed to the much lower solid : solution ratio used in these experiments (20 

g L-1 vs. 100 g L-1), plus the higher concentration of Sr2+ (20 mg L-1 vs. 1 mg L-1). 

Over the course of a year, however, total sorption increased in both experimental 

solutions, to around 80 % and 70 %, respectively. This slow increase in adsorption is 

most likely due to interparticle diffusion of 90Sr into aggregates and clay particles over 

time. The sequential extractions performed on all samples found that more than 70 % 

of sediment-associated 90Sr was exchangeable with MgCl2, indicating that weak 

outer-sphere adsorption is the predominant mechanism for Sr sorption in both 

groundwaters and Magnox leak fluids. The percentage of Sr found to be associated 

with carbonate and reducible phases was less than 5 % in all samples, and as there 

was no increase or decrease in the proportion of Sr in the weak acid extraction phase 

over a year. This indicates that carbonates or reducible phases are not significant 

sorbing phases in the simulant systems. Further evidence for the mechanism of Sr 

sorption is offered by modelled EXAFS data. Strontium K-edge EXAFS spectra 

collected from sediments incubated with HCO3-buffered groundwater reveal ~ 9 Sr-O 

bond distances at ~ 2.60 Ǻ, with no other features, indicating that Sr sorption is 

outer-sphere in a pH controlled system. The same Sr-O bond distances at ~ 2.60 Ǻ 

are found in Sr K-edge EXAFS spectra collected from sediments incubated in 

Magnox liquor, also indicating that outer sphere sorption predominates. There is no 

change in the Sr coordination environment for both samples that were incubated for 

365 days, indicating that Sr adsorption remains outer sphere in nature. This result is 

consistent with the sequential extraction results from parallel samples above.  

 

5 Conclusions and Implications for 90Sr mobility  

Strontium-90 mobility at contaminated nuclear sites will be affected by the pH, 

ionic strength and chemical composition of groundwaters and leak fluids. The results 
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of this study support previous findings by Small et al. (2000) suggesting the 

adsorption of Sr to west Cumbrian sediments at neutral pH can, to a first order 

approximation, be modelled as a cation exchange process. Figure 9 outlines a 

conceptual model for 90Sr sorption in a range of groundwater compositions expected 

at UK nuclear sites. Overall, optimal retardation of Sr migration occurs when the pH 

is between 6 and 8 and ionic strength is lower than 0.01 mol L-1, which is typical of 

groundwaters in the west Cumbria area (Wilkins et al., 2007). Under these conditions 

Sr is bound to sediments as outer sphere complexes.  

Magnox tank liquors are at a higher pH than groundwaters measured at 

Sellafield, but buffering reactions with sediments can rapidly reduce pH to 

circumneutral values. Kd values found for Magnox liquor are nearly two orders of 

magnitude less than for buffered groundwater solutions. It is, therefore, concluded 

that the higher ionic strength caused by the presence of competing ions, primarily 

Na+, in the tank fluid results in the much lower sorption observed. Consideration of 

ionic strength effects may help to explain why significant migration of 90Sr has been 

observed at Sellafield where the in situ pH is in fact favourable for sorption. The 

apparent retardation factor (Rf) for 90Sr compared with 3H at Sellafield (rate of 3H 

migration, 196 m a-1 divided by rate of 90Sr migration, 3.8 m a-1) is approximately 52 

(Vickery et al., 2005). As Rf = Kd + 1, therefore, it is possible to directly compare the 

experimental Kd calculated for artificial Magnox tank liquor (37 L kg-1) in the 

sediments studied here with the observed field Rf. Both values are of similar 

magnitude, suggesting that the higher ionic strength of tank leak fluids may be a 

contributing factor in controlling the sorption behaviour of 90Sr at Sellafield. 

Furthermore, acidic and high NO3-containing sources (McBeth et al., 2007; Law et 

al., 2010) have low pH and high ionic strength and under these conditions low 90Sr 

sorption may also be expected. 

Finally, EXAFS data from this study shows that adsorbed Sr remains in weakly 

bound outer sphere surface complexes even after incubation for one year. This has 

clear implications with respect to scenarios where future sea level rise may result in 

seawater inundation of coastal sites. This would result in increased ionic strength in 

groundwaters, and, therefore, remobilisation of adsorbed 90Sr by cation exchange. 

However, this understanding could also be used in remediation strategies for 

contaminated sites. For example, soil washing techniques using high ionic strength 

fluids could be used to efficiently remove adsorbed 90Sr from sediments. 
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